Abstract The frequency of summer flood events has strongly increased in Eastern Europe during the last decades. The creation of water storage areas to avoid flooding is often combined with the recreation of more natural and biodiverse riverine systems. This urges the need to understand the consequences of summer inundation, when microbial activity is significantly higher than during winter inundation, for floodplain biogeochemistry. In order to test the interacting effects of temporal flooding, water quality and agricultural use we used a mesocosm design with sods including vegetation from an area along a tributary of the Vistula River, where water storage compartments have been planned. Concentrations of nitrate and sulphate in the flood water, expected to interfere with soil redox processes, were varied at environmentally relevant concentrations. Inundation led to increased nutrient mobilization in all treatments, particularly for phosphate which reached very high concentrations in both soil water (200-300 lmol l -1 ) and overlaying surface water (25-35 lmol l -1 ) as a result of iron reduction. The response was clearly linked to different soil characteristics like the Olsen P concentration, probably caused by varying kind of land use. Unexpectedly, the flood water quality played a less important role in the response to shortterm flooding. This could partly be explained by the relatively low infiltration rate into these waterlogged soils, indicating the importance of local hydrology. The findings of this study are important to understand and predict the effects of (more frequent) summer flooding of Eastern European rivers. It also indicates that it is necessary to take into account the soil quality in assessing the consequences of planned measures on biodiversity and ecosystem functioning.
Introduction
Pristine floodplain areas along rivers are among the most biodiverse environments at a global scale. In addition, they offer several functions including flood control, mitigation of pollutants and nutrients, sediment accretion, control of erosion, groundwater recharge and water supply (Hartig et al. 1997, Tockner and Stanford 2002) . However, river regulation, wastewater discharge and intensive agriculture have caused strong changes and nowadays floodplains are among the most altered landscapes worldwide and have become species-poor, over-fertilized, and polluted (Nienhuis et al. 2002; Tockner and Stanford 2002) .
During the last decades there has been an increasing tendency of flood events in Europe that were mainly caused by heavy precipitation events, which is probably related to climate change (Bronstert 2003; Linnerooth-Bayer and Amendola 2003; Mitchell 2003; Ulbrich et al. 2003; Kundzewicz 2005) . Especially in Eastern European countries, including Poland, frequencies of peak discharges and summer flooding have significantly increased, even though these rivers are much less regulated than in Western Europe. Severe and dangerous summer flood events occurred in 1997 (Odra and Vistula River), 2001 (Vistula River) and 2002 (Elbe) due to intensive precipitation (Kundzewicz 2005; Kundzewicz et al. 2005; EEA 2007) .
Flooding events may cause significant economic damage and casualties in inhabited, industrial and agricultural areas of the floodplains. These disasters show the necessity of finding new solutions, because raising dikes and levies does not seem to support efficient protection anymore. New strategies have been proposed, such as the re-creation of more natural riverine systems, by allowing more space for the rivers (Smits et al. 2000; Van Stokkom et al. 2005) . In this model the river can again reach its adjacent lands, the former regularly flooded wetlands that have been transformed into meadows and arable lands. In this way, these areas can be used for temporary storage of surplus water during peak discharge.
Wetlands may accumulate nutrients (e.g., via sedimentation, binding to soil particles and plant uptake) which can result in high biomass productivity and low biodiversity. However, they can also become significant sources of these substances, especially during flood peaks which may have severe consequences for river water quality Loeb et al. 2007) . As a result of flooding, huge amounts of phosphate can be mobilized and potentially phytotoxic, reduced compounds such as sulphide, nitrite or ammonium may accumulate, strongly influencing vegetation development (Snowden and Wheeler 1993; Moore and Reddy 1994; Lucassen et al. 2000 Lucassen et al. , 2002 .
Phosphorus eutrophication resulting from flooding can be regulated by P saturation in the soil, interacting with floodwater chemistry. In floodplain soils containing high amounts of organic matter, sulphate is known to increase the mobilization of phosphate, as has been shown for fens including riverine marshes Loeb et al. 2007 ). In contrast, high nitrate concentrations in the surface water of polluted rivers may mitigate phosphate mobilization, as nitrate is a more favourable electron acceptor than iron or sulphate in microbial redox reactions (Lucassen et al. 2004; Lamers et al. 2006) .
Water management in many countries including Poland is mainly based on dike protection. However, the recent events have proved that there is a strong need for floodwater storage basins in order to cope with the intensification of flooding risks, e.g., along the Vistula River (Kuźniar et al. 2002) . This restoration strategy is often combined with the re-creation of biodiverse wetlands as a target. This appears, however, to be very difficult and often fails due to biogeochemical constraints related to water and soil quality, in addition to direct effects of flooding on the vegetation present ). The present paper will therefore focus on the consequences of summer inundation, when microbial conversion rates are higher than during winter flooding, on the biogeochemistry of floodplains in relation to land use (fertilization) and water quality (sulphate and nitrate), as these factors are hypothesized to be constraints. The presumably important interaction between water and soil quality has received little attention in other studies, and does not only generate information about the biogeochemical processes involved, but it also provides a feasibility assessment for the creation of water storage areas in general, and for the specific location along the tributary of the Vistula in Poland in particular.
To be able to study the effects of flood events under controlled conditions, we used a mesocosm approach with sods from two adjacent locations differing with respect to the kind of land use. We investigated if 1-month inundation leads to significant changes in nutrient availability, both in soil water and in surface water, and how this is related to surface water composition (sulphate, nitrate) and soil quality. The outcome of the experiment has important implications for the combination of wetland creation and increased floodwater storage in spring and summer, not only with respect to the biogeochemical key processes that may form constraints for nature management and water management, but also for the choice of suitable locations.
Materials and methods

Research area
For our study, we selected a former floodplain area (Kosiorów Village, 51°13 0 N; 21°51 0 E; Fig. 1 ) in Poland along Chodelka River, a tributary of the middle part of the Vistula River which showed an increased frequency of summer flooding during the last decade. This location has been proposed as a storage basin to take back-flowing water from the Vistula during peaks of discharge. We selected two neighbouring agricultural meadows located close to the river that show clear differences in fertilization history, which is expected to influence the biogeochemical response to flooding as suggested in the introduction (Table 1) . Both locations are representative for this area and comprise of species-rich grasslands with Deschampsia cespitosa L. and Holcus lanatus L. as dominant plant species. The first meadow is cultivated for hay-making (haylandcoded HAY), fertilized with nitrogen, phosphorus and potassium at unknown dosage and mowed twice a year, in spring and summer. The second grassland is less fertilized, remains unmowed but is grazed (pasture-PAS) at a low density of 1 animal per ha. Both meadows show the same peaty soil type (upper 20 cm: 40-50% organic matter; with the inorganic fraction comprising 38-44% sand, 8-12% silt and 4% clay) with the water table 30 cm below the soil surface at average. The hayland soil contained less organic matter and the water content was lower (Table 1) . The concentration of Olsen P, as an estimate of plant available P, was two times higher whilst the labile P-fraction was almost six times higher in the HAY soil. Olsen-extractable P was, however, high at both locations, suggesting that the pasture has also been fertilized in the past although this may also be partly the result of increased peat decomposition and P mineralization. Total concentration of P did not differ between both locations. Both soils were characterized by high iron concentrations (for both total and amorphic iron), but PAS showed much lower iron/ aluminium bound P (p \ 0.001). Nitrate concentrations were higher on this location, while total sulphur concentrations were lower (Table 1) .
Experimental design
In total, forty sods (30 9 30 9 12 cm; 20 per sublocation) with living vegetation were collected and transported in plastic containers to the laboratory in Nijmegen, The Netherlands. Each of the sods was fitted into a separate glass container (25 9 25 9 30 cm) placed in a climate controlled room at a constant flux of 100 lmol m -2 s -1 (PAR) with a 16-h day-light photoperiod (five 400 W high pressure metal-halide lamps HPI-T, Philips, Eindhoven, The Netherlands), an ambient air temperature of 17°C and a relative air humidity of 60%.
The sods were divided into five experimental groups for both sub-locations (n = 4 for each meadow, randomly distributed), of which four were flooded with different water qualities, and the fifth represented a non flooded control. We applied the following water treatments: flooded control (Cfl) based on the Chodelka River water quality, enriched with nitrate (N), sulphate (S) or the combination of NO 3 and SO 4 (SN) ( Table 2) .
The last treatment reflected conditions without flooding (moist control, Cm). The Cm sods were watered weekly with artificial rainwater containing 5 mg l -1 of sea-salt, (Wiegandt GmbH, Krefeld, Germany) in order to keep the groundwater level at 10 cm below soil surface to avoid desiccation of the sods. Table 2 shows the different treatments, for which analytical grade purity chemicals (Fluka, Germany) and demineralized water were used. Each flooded sod received water from a separate stock by means of a flow-through system (peristaltic pumps Masterflex 7568-10, Cole-Parmer, Vernon Hills, IL, USA with black silicone tubes) at a flow speed of 60 ml h -1 (10 l week -1 ). The level of the floodwater above the soil was 20 cm, resembling shallow flooding. The mesocosm experiment was conducted over 14 weeks with the following stages: 2 weeks of acclimatization, 5 weeks of inundation, followed by 7 weeks without flooding.
Measurements and chemical analyses
Soil texture was determined based on Bouyoucos aereometric method (Plaster 1997 ) using a Soil Texture Diagram, water content by drying soil samples at 105°C (24 h), and organic matter content by loss-on-ignition (550°C, 4 h). Several soil extractions were performed on fresh soil samples, corrected afterwards for moisture content, to estimate levels of plant available P (5 g soil in 100 ml of 0.5 NaHCO 3 ; Olsen et al. 1954) and N (0.2 M NaCl-extractableammonium and water-extractable nitrate, both 35 g soil in 100 ml of extractant). The concentration of amorphous iron was estimated by oxalate extraction (2.5 g soil in the 30 ml mixture of (COONH 4 ) 2 ÁH 2 O and (COOH 2 )Á2H 2 O; Schwertmann 1964). Finally, soil P fractions were estimated using the method described by Golterman (1996) . In this sequential method, labile P (1 M NH 4 Cl), Fe-and Al-bound P (mixture of 0.05 M Ca-EDTA, CaCl 2 and Na-dithionite), and Ca-bound P (0.1 M Na-EDTA) fractions were extracted followed by acid digestion to estimate P bound to organic matter. In addition, total element concentrations were measured after digestion of 200 mg samples in a mixture of concentrated HNO 3 and 30% H 2 O 2 (4 ? 1 ml) using a Milestone microwave MLS 1200 Mega system. Soil Eh7 was determined using platinum wire electrodes (n = 5) and a glass Ag/AgCl reference electrode at a depth of 5 cm below soil surface. Obtained values were corrected to the potential relative to the normal hydrogen reference electrode at pH 7. In order to monitor soil water chemistry, two soil water samplers (Rhizon SMS-10 cm; Eijkelkamp Agrisearch Equipment, Giesbeek, The Netherlands) were placed diagonally between 5 and 10 cm depth in the soil of each container, and connected to black silicone tubes. Soil water was collected anaerobically using syringes (50 ml) for vacuum suction. The first 10 ml was discarded in order to remove internal stagnant water. Both subsamples were pooled and used for all required analyses. Surface water samples from each compartment were collected into 500 ml polyethylene bottles. Samples were taken immediately after flooding, and after 1, 2, 4, 6 and 11 weeks for soil water, or after 1, 2 and 4 weeks for surface water.
The concentration of free sulphide in the soil water was estimated in 10.5 ml of subsample fixed immediately after collection with 10.5 ml of a sulphide antioxidant buffer (Van Gemerden 1984) . For this measurement a sulphide ion-selective Ag-electrode and a double junction calomel reference electrode were used (Roelofs 1991) .
Soil water pH was measured with a combined pH electrode (Orion Research, Beverly, CA, USA). Alkalinity of soil-and surface water was determined by titrating 10 ml of sample with 0.01 M HCl down to a pH of 4.2 (TIM800 pH-meter with the above mentioned pH-electrode and a ABU901 Autoburette, Radiometer Copenhagen, Denmark). The turbidity (NTU, Nephelometric Turbidity Units) of the surface water was estimated using a WTW turbidity meter Turb550 (Weilheim, Germany). The remaining volume was filtered over a Whatman microfiber filter type GF/C (Whatman, Brentford, UK), and, after the addition of citric acid to a final concentration of 0.125 g l -1 to prevent precipitation of metals, stored in 100 ml iodated polyethylene bottles at -28°C until further analysis.
The concentrations of chloride, soluble reactive phosphorus (SRP), nitrate and ammonium were determined colorimetrically in all water samples using Auto Analyser 3 System (Bran ? Luebbe, Norderstedt, Germany). SRP was analysed according to Henriksen (1965) with ammonium molybdate. Ammonium and nitrate were measured using, respectively, hydrazine sulphate (Kamphake et al. 1967 ) and salicylate (Grasshoff and Johannsen 1972) and chloride concentration using feriammonium sulphate (O'Brien 1962) . The results were corrected for colour caused by humic substances (Shizmadzu UV-120-01 spectrophotometer, Kyoto, Japan, colour measured at 450 nm) for soil water samples. The total concentrations of Al, Ca, Mg, Mn, Fe, K, S, and Zn in soil water and surface water were analysed by means of inductively coupled plasma optical emission spectrometry (ICP-OES, IRIS Intrepid II, Thermo Electron Corporation, Franklin, MA, USA).
The concentrations of CO 2 and CH 4 were determined by collecting soil water samples into vacuumed infusion flasks (30 ml) and correcting for the headspace volume. Gas concentrations were measured using infrared carbon analyser (0525 HR Oceanography International Analytical, College Station, TX, USA).
Vegetation
Total vegetation cover [%] was estimated at the beginning and the end of the experiment, and individuals of each species were counted. Additionally, algae cover [%] at the end of the flooding phase was determined.
Data Analysis
Obtained results were statistically processed by means of SPSS for Windows (SPSS 15.0, 2006, Chicago, IL, USA) . For soil and water chemistry data, an ln(x ? 1) transformation was applied in order to make the data fit better to the normal distribution and to make the variances less dependent of the sample means. Vegetation cover and algae cover were arcsin sqrt transformed and species number was log(x ? 1) transformed.
Relationships between variables (only for flooded treatments during period of inundation, i.e., during 5 weeks) were tested by calculating Spearman's rho correlation coefficient (r s ) due to differences between sizes of variables, and regression lines were fitted. Asterisks indicate significance of correlations: * p \ 0.05, ** p \ 0.01, *** p \ 0.001).
The repeated measures ANOVA mixed designs (GLM 5) procedure was used in order to test the effects of different water qualities (only flooded treatments were tested) during 1-month inundation for both tested meadows. If the assumption of sphericity was not met, an appropriate correction was used according to the values of the Greenhouse or Huynh-Feldt test statistics (Field 2005) . Tukey HSD (homogeneity of variances assumed) or GamesHowell procedure (homogeneity of variances not assumed) were used as post hoc tests.
The effects of flooding itself in comparison with moist controls were tested performing one-way ANOVA (GLM 1) with Tukey or Games-Howell post hoc test for the last week of inundation. Differences between soil characteristics were assessed using independent samples t-test.
To test the impact of flooding on vegetation, we compared the means of values measured in moist (Cm) and flooded (Cfl) controls, whereas to test the effects of composition of flood water we used Cfl as a control treatment (Cm was not included), using repeated measures mixed models analysis (GLM 5), except for algae cover where one-way ANOVA was applied. The same steps were taken to meet the assumptions (i.e., sphericity, post hocs).
Significance was accepted when the p-value was B 0.05. For better clarity, all data are presented as means of non-transformed variables ± standard error of the mean (SEM).
Results
Changes in soil water
At the onset of the experiment the soil of all sods showed aerobic conditions (Eh7 = 650 mV) with low levels of Fe, soluble reactive phosphorus (SRP) and ammonium, and an alkalinity below 1 meq l -1 (pH 6.0). Flooding led to anaerobic conditions (Eh7 = 105 mV, p \ 0.001) in comparison to Cm. The observed changes of the Eh7 in the flooded soils could be linked to reduction of NO 3 (first 2 weeks, Eh [ 200 mV) followed by Fe reduction. When the water table was lowered again, Eh7 started to rise and returned to the initial values after 1 month of desiccation (Fig. 2) . The alkalinity of the soil water had increased fivefold in all inundated treatments after 4 weeks (Fig. 2, p \ 0.001) . The values for the moist control sods (Cm) remained unchanged, and were significantly different from the flooded treatments (p \ 0.001). There were no significant differences between SN, S and N treatments for both soils (p = 0.23). The lowering of the water tables stopped this alkalinization process, and values returned to their initial low levels equal to the moist control. Soil water pH varied between 5 and 6.7, without differences among flooding treatments or between meadows (results not shown).
During the period of inundation, a significant (p \ 0.001) increase of CO 2 plus dissolved carbonates (total inorganic carbon, TIC) occurred in the soil water, ranging between 1,500 and 3,000 lmol l -1 , whereas moist controls showed significantly lower values (p \ 0.001). Lowering of the water table resulted in a fast, significant decrease to control levels (results not shown). During the whole period, there was hardly any methane detectable in the soil water, with exception of one small peak of 6-10 lmol l -1 in the 6th week for S and N treatments.
At the beginning, levels of nitrate in the soil water ranged between 1,000-2,000 and 300-600 lmol l -1 in PAS and HAY, respectively, for all treatments (Fig. 2) . During inundation, concentrations of nitrate in the soil water dropped very fast to 1-20 lmol l -1 , but after lowering of the water table at the end of the experiment nitrate showed a strong increase to high levels around 3,000 and 5,500 lmol l -1 for the PAS and HAY meadows, respectively (p \ 0.001). We observed differences in nitrate depletion: in PAS nitrate disappeared within 2 weeks whilst for HAY much lower concentrations were already reached after 1 week of the experiment.
At the end of the inundation period, ammonium levels in inundated sods were significantly higher than those measured in the moist controls (p \ 0.001). Both meadows significantly differed in their response: HAY showed a much stronger increase than PAS (time and land use interaction, p \ 0.001, Table 3 ). One week after the water table was drawn down again the ammonium concentrations amounted to 600 and 1,200 lmol l -1 in PAS and HAY, respectively ( Fig. 2; Table 3 ; p \ 0.001), after which they decreased to low values, equal to the controls.
Iron concentrations rose during flooding from around 10 to 400-450 lmol l -1 6 weeks after the onset of the experiment ( Fig. 2 ; p \ 0.001), with SRP concentrations in the soil water increased strongly during flooding, showing a significant influence of the type of land use. Values for the hayland were twice as high as for the pasture (Fig. 2) , indicated by significant time 9 land-use interaction and the effect of land use alone (both p \ 0.001). The highest SRP concentrations reached levels of 200-300 lmol l -1 . There was, however, no significant effect of floodwater quality (p = 0.10). SRP was lower in moist controls compared to the flooded treatment (1-3 lmol l -1 , p \ 0.001). The lag phase of P-mobilization for the pasture only started after 2 weeks whilst in the hayland it took place immediately after submergence (1st week, Fig. 2) . After lowering the water table, the SRP concentrations further increased during the first week, but subsequently returned to moist control values. SRP concentrations were positively correlated with Fe (r s = 0.82**) and negatively with NO 3 in soil water (r s = -0.63**, Fig. 3 ).
Sulphate levels in the soil water were significantly higher in the treatments where it was introduced (1,400-1,500 lmol l -1 , p \ 0.001) for both soil types, and decreased to 200-600 lmol l -1 after 2 weeks of flooding, after nitrate had been depleted. After lowering the water table, sulphate increased to 850 lmol l Eh7 values stayed above 0 mV, we measured some sulphide in the soil water, at very low concentrations with maximum values of about 4 lmol l -1 (sulphate enriched waters) after 5 weeks of inundation. Sulphide concentrations stayed low (\1 lmol l -1 ) in treatments without sulphate addition. Significant differences were noted only for the SN treatment in comparison with the treatments without sulphate addition (p \ 0.01, Table 3 ). It was clear, however, that sulphide concentrations were strongly, positively (r s = 0.80**) correlated with SRP in soil water.
Changes in surface water
Flooding resulted in a strong, significant increase of the turbidity of the surface water in all treatments, from values around 2 to maximum values around 12 NTU (data not shown, p \ 0.001), without differences between treatments or land use. The alkalinity increased slowly during 5 weeks of inundation from 2.5 to 3.5 meq l -1 and pH varied between 7.1 and 7.6, both without differences between treatments (data not shown). Changes in water turbidity were correlated with alkalinity (r s = 0.77**), SRP (r s = 0.70**), sulphide (r s = 0.60**) and iron (r s = 0.59**) in soil water. Turbidity also correlated with concentrations of SRP (r s = 0.56**) and iron (r s = 0.52**) in the surface water.
Nitrate concentrations decreased strongly after 2 weeks of inundation and remained below the added concentration of 1 mmol l -1 until the end of the flooding period, at the through-flow speed used (maximum values 200-400 lmol l -1 , Fig. 2 ; p \ 0.001). Concentrations were higher in the nitrate treatments (p \ 0.001, Table 3 ) compared to the other treatments, which resulted in the interactions presented in Table 3 . Sulphate concentrations in the surface water, in contrast, remained more or less at the added level (results not shown). The concentration of this ion in the water layer was not correlated with other factors.
Ammonium decreased over time, from 100-150 to 50 lmol l -1 and lower values (p \ 0.001). We observed differences due to water quality and type of land use (both p \ 0.001). The highest levels in the surface water were measured in the N treatment, followed by the SN treatment, and the lowest for S Table 3 Results of time (T) effects and their interactions with land use (L), and treatment (Tr) for the flooded soils during the flooding period, examined by means of repeated measures mixed models analysis and Cfl treatments (data not shown). PAS soils had significantly higher ammonium levels in the surface water than HAY soils. There was a strong phosphate mobilization from the soil to the overlying water layer after 1 week, with very high concentrations of SRP in the range of 20-35 lmol l -1 , and subsequently showing a decreasing trend (p \ 0.001). The lowest mobilization took place in the N treatments, especially in PAS sods (5-25 lmol l -1 , Fig. 2 ), for which it was significantly lower in comparison to the SN treatment (p \ 0.05). The HAY soils showed significantly higher P mobilization to the water layer than the PAS soils (p \ 0.01, Table 3 ). This process was accompanied by iron release (up to 15 lmol l -1 , p \ 0.001). The strongest Fe mobilization occurred in the treatments with sulphate (data not shown), which was significantly different from the N treatment (p \ 0.001).
Vegetation changes
The comparison of the moist controls (Cm) and flooded controls (Cfl) showed that the partial submergence of the terrestrial vegetation resulted in a significant decrease (50-90%) of the vegetation cover as a result of flooding (p \ 0.001, results not shown), without differences between the different groups. The percentages decrease (compared to the initial values) ranged between 50 and 85% after 6 weeks of the experiment (results not shown). 
Discussion
Effects of inundation on biogeochemistry
Flooding affected soil microbial processes involved in element cycling thereby changing the redox state of the soil (Laanbroek 1990 ). Although oxygen is rapidly depleted, organic matter breakdown will still continue during flooding, coupled to the reduction of alternative electron acceptors (Gliński and Stępniew-ski 1985) . The concomitant mobilization of nutrients such as phosphate, ammonium and iron was shown to be largely dependent on preexisting soil nutrient status, interacting to some extent with water quality , Loeb et al. 2007 ).
The most drastic effect of inundation was the eutrophication of soil and surface water with phosphate (SRP) in all flooding treatments for both soils, causing strong development of filamentous algae (up to 20-80% of the compartment surface). Other studies (Boon 2006; Aldous et al. 2007 ) have shown that there may already be an immediate release of P within the first 48 h of flooding due to redox processes or microbial lysis. There was a significant interaction with the concentration of Olsen P, as HAY showed a much stronger response in algal development than PAS (p \ 0.05). Unexpectedly, the quality of the flooding water turned to be less important than this redox process related to iron reduction and concomitant P mobilization.
This type of eutrophication resulting from increased mobilization within the system and not from increased influx of nutrients, is called internal eutrophication. The phenomenon has been well described for fens and floodplains (e.g., Roelofs 1991; Lamers et al. 1998; Smolders et al. 2006; Loeb et al. 2007 ). In our experiment, redox related processes (particularly iron reduction; Stępniewski et al. 2005; Smolders et al. 2006) appeared to be the main driver of eutrophication. The mobilization of phosphate in the soil water turned out to be very high, but started only after depletion of nitrate, being the most favourable electron acceptor under anoxic conditions. This depletion was caused by nitrate reduction (denitrification, and possibly also dissimilatory nitrate reduction to ammonium, DNRA) and plant uptake. Interactions among nitrate, iron and phosphorus cycling can explain this phenomenon. In nitrate-poor soils, iron reduction leads to P mobilization from iron binding sites (Lucassen et al. 2004 ). In addition, decomposition may have contributed to the observed eutrophication, as inorganic carbon compounds accumulated due to anaerobic decomposition and accumulation.
The higher level of eutrophication for the hayland appeared to be related to higher Olsen-P and Fe/Albound P concentrations, most probably resulting from stronger fertilization. However, both meadows showed high concentrations of accumulated plant available P, exceeding the reference value of 250 lmol Olsen-P l -1 DW for unfertilized soils Smolders et al. 2008) . This means that the pasture had also been fertilized in the past. Such high values have also been found both in former and in present agricultural and riverine areas Loeb et al. 2007 ). Loeb et al. (2008b) showed that the rate of phosphate mobilization in floodplain soils could be predicted by the phosphate saturation of the iron binding sites in the soil, reflected by the pool of amorphous iron. In the present experiment, both soils were characterized by equal concentrations of both amorphous and total iron (as was expected for adjacent pastures), but differed in their P saturation values. In addition, the labile P fraction had significantly greater values for the hayland soil (Table 1) . Several studies showed that phosphate sorption to iron and iron (hydr)oxides is of major importance in the redox-related phosphate kinetics of flooded soils, in contrast to calcium bound P (Patrick and Khalid 1974; Zak et al. 2004; Loeb et al. 2007 ). There was no difference for Ca-bound P between PAS soil and HAY soil. Although calcium may play a role in P immobilization after its release, we did not find differences between soils and treatments.
The ratio of Fe and P in the soil may be used as an indicator of P saturation. Other studies showed threshold values of 8-12 mol mol -1 for total sediment ratios, below which P mobilization strongly increased (Jensen et al. 1992; Ramm and Scheps 1997) . We found average values around 12 for total Fe:P, indicating that P mobilization from Fe is very likely, even though the concentration of Fe/Al-bound P is much lower than that of total P. The concomitant release of Fe and P in soil water during inundation still suggests that Fe bound P was released. Furthermore, a large fraction of Fe in the soil seems to be bound to sulphur (FeS x ) and is therefore not available for Pbinding; the ratio between (Fe minus S) and P is 6-7. Another indicator of phosphate release to the surface water may be the Fe:PO 4 ratio in the soil water.
Several authors (Smolders et al. 2001; Zak et al. 2004; Geurts et al. 2008) showed that values lower than 1-3 (mol mol -1 ) in the anaerobic soil water corresponded to strong PO 4 release from the soil to the surface water. In our experiment, we found the same correlation between this ratio and phosphate (SRP) levels in the surface water. Iron precipitation at the soil surface may have been hindered either through partially anoxic conditions or due to stable dissolved Fe-(P) humic complexes. The ratios differed between soils and treatments; HAY showed significantly lower values (p \ 0.05). The initial ratios between Fe and P in the soil water were, however, around 14 (ranging between 5 and 22), which is higher than the threshold values mentioned above. This can probably be explained by the fact that the soil water was aerated before flooding, unlike the other studies. The results, taken together, indicate that iron reduction and P saturation may have been important factors to explain the observed phosphate eutrophication. This was also demonstrated by the strongly significant correlation between iron and SRP in the soil water (r s = 0.82***, R 2 = 0.65). In addition to this mechanism, the release of microbially bound P (Turner and Haygarth 2001) may also be involved.
Limited role of surface water quality
When the supply of nitrate is high, phosphate mobilization as a result of iron reduction may not occur, as nitrate is a more favourable electron acceptor than Fe. Surprisingly, we did not observe lower iron mobilization rates (which should have been indicated by lower iron concentrations) as a result of additional nitrate supply, as was found in fens into which nitrate rich groundwater discharged (Lucassen et al. 2004) . Although chloride values in soil water showed full infiltration after 2 weeks of flooding (results not shown), this was probably caused by the much lower infiltration rate into the soil in the present experiment during flooding. This indicates that the local hydrological conditions play a significant role interacting with water quality. High nitrate concentrations in the surface water could, therefore, not prevent phosphate (SRP) mobilization in the soil water in this experiment, although the concentrations in the N only treated soils tended to be slightly lower. However, phosphate release from the soil to the surface water was clearly lower for the nitrate only treated soils (particularly for PAS), probably as a result of a higher redox potential in the upper layer of the soil due to nitrate reduction. Simultaneous addition of sulphate, however, nullified this effect.
Nitrate addition alone (N) did, however, result in a significantly higher redox potential in comparison with treatments where sulphate was introduced (S and SN), mainly for the hayland soils, as it is a more favourable electron acceptor than sulphate and therefore has a higher Eh7. Ammonium concentrations in soil water increased slowly, being more visible in the HAY soil, which may have resulted from mineralization (correlation with alkalinity generated by anaerobic decomposition, r s = 0.41**, R 2 = 0.31), from nitrate reduction via DNRA (Hefting et al. 2004) or from increased iron reduction rates (Scherer and Zhang 1999) .
Sulphate addition led to high concentrations in soil water during the first weeks. However, we observed a rapid decrease to 200-600 lmol l -1 (results not shown) by the end of the inundation period due to sulphate reduction in the absence of more favourable electron acceptors. This was possibly stimulated by the increased alkalinity (Roelofs 1991) , generated during reduction of different oxidants Loeb et al. 2007 ). Increased soil alkalinization in wet soils may result in higher nutrient mobilization rates due to stronger pH buffering of organic matter . In nitrate-poor soils, increased sulphate reduction rates due to sulphate pollution of the surface water may lead to FeS x formation and subsequent P mobilization form iron binding sites (Caraco et al. 1989; Roelofs 1991; Lamers et al. 1998; Smolders et al. 2006; Zak et al. 2006 ). However, due to the high availability of iron in the soils tested, additional sulphate reduction was not able to mobilize additional P, as was also shown for other floodplain soils (Loeb et al. 2007 ). During sulphate reduction, concentrations of produced sulphide in the soil water stayed very low due to binding to iron, which was highly available, and became only slightly higher at the end of the inundation period.
Lowering of the water table after the flooding Water removal caused an increase of aeration state of the soils by oxygen intrusion as showed by the gradual return of the Eh7 to the pre-flooding values. Ammonium initially showed a very strong increase, especially in the hayland where values were similar to those reported by Loeb et al. (2007) for an alder carr. This is most probably caused by proton production due to the oxidation of iron and iron sulphides, which leads to mobilization of ammonium from cation exchange sites in the soil. Although the concentrations became very high, it is unlikely that the concentration of ammonium became phytotoxic because the pH stayed sufficiently high (De Graaf et al. 1998; Lucassen et al. 2003 ; Van den Berg et al. 2005) . The acidification was indicated by the consumption of alkalinity (Lucassen et al. 2002; Smolders et al. 2006) . There appeared to be sufficient acid neutralising capacity to prevent a drop in pH values, which could also be predicted by total S/(Ca ? Mg) ratios, which were lower than 0.7 (Lucassen et al. 2002) . Due to the prevention of low pH values, levels of potentially toxic metals other than Fe remained very low (results not shown).
Five weeks after the water table was drawn down, soil conditions were comparable to those before inundation. As a result of iron oxidation, P was immobilized and concentrations became comparable to those in the moist controls (Cm). Accumulated ammonium was rapidly nitrified leading to extremely high levels of nitrate (3,000-5,000 lmol l -1 ). The differences between NO 3 concentrations among tested soils were related to ammonium concentrations. This increased availability of nitrogen may, on the longer term, also lead to changes in vegetation composition.
Effects on vegetation
Five weeks of flooding caused a temporary decrease of vegetation cover and biodiversity, presumably due to the combined effect of flooding and competition with algae. Herb species suffered most from flooding, regardless the water quality. For the pasture, this led to a relatively increased dominance of sedge species (results not shown). Although the vegetation partly recovered after the flooding period, its cover was still lower than initially, and the species composition had changed as a result of flooding stress which is well known for flooding of terrestrial species (Banach et al. 2009 ).
Conclusions
Our work showed the interacting effects of summer inundation, when biogeochemical process rates are higher than during winter flooding (Loeb et al. 2008a) , and agricultural use. From this study, it is clear that the temporal inundation of fertilized floodplains will lead to increased nutrient mobilization, particularly for phosphate. The type of land use plays a significant role, as it determines the level of nutrient loading leading to differential responses. In addition, floodplains become a strong source of phosphate, deteriorating river water quality. After flooding, nitrate accumulates to high levels, with possible additional effects on biodiversity on the longer term.
The composition of the floodwater appeared, at least for the treatments tested, to be of less importance on the short term, as the main effects occurred due to the anoxic conditions. There are, however, uncertainties surrounding effects of floodwater quality that warrant further study of local hydrology during flood events. Although the influx of nitrate may hamper P mobilization by preventing Fe and sulphate reduction, it can also stimulate decomposition and mineralization, leading to ammonium accumulation. The concentration of sulphate did not have severe effects, as the concentrations of amorphous iron were high enough to sequester most sulphide and prevent additional P mobilization or accumulation of sulphide in the soil water.
Our study indicates that the increased risk of summer flooding in Eastern Europe during last years due to climate change increases the risk of eutrophication to a great extent. This may have significant effects on river water composition, as the SRP concentrations in the flood water increased to 15-20 lmol l -1 , which is much higher than the average concentration in the Chodelka River, being 2 lmol l -1 . Based on these values, the P mobilization to the water layer amounted to 0.24-0.32 mmol (7.4-9.9 mg P) m -2 day -1 . The actual effect of these high mobilization rates on river water quality will, however, depend on the water flux in the field, sedimentation of P and dilution with river water. The risk of eutrophication appears to be significant for highly fertilized fields without additional measures such as the removal of the nutrient rich top soil . Eutrophication of river water and floodplain wetlands is expected to lead to undesired dominance of algae and cyanobacteria, loss of aquatic macrophytes, and lower oxygen concentrations, affecting biodiversity and human health (drinking water, recreation). Our results imply that this potentially high contribution to eutrophication of riverine areas, as shown by soil analysis, has to be taken into account when floodplains are selected for combined water storage and wetland rehabilitation (floodplain reconnection), particularly during the growing season when the rates of biogeochemical transformations are higher.
